Abstract An understanding of the effects of land-use activities on atmospherically derived pollutant loadings in stormwater is helpful for determining appropriate treatment strategies for different catchments. Impervious concrete boards (≈1 m 2 ) were deployed for 11 months in different land-use areas (industrial, residential and airside of an airport's runway) throughout Christchurch, New Zealand, to determine the spatial variability of atmospherically derived pollutants in stormwater runoff. Runoff was analysed for metals (principally Cu, Zn and Pb) and total suspended solids (TSS). All three land-use areas exhibited similar temporal patterns of varying metal and TSS loads, indicating that atmospherically deposited metals and TSS had a homogenous distribution within the Christchurch airshed. However, mean pollutant loadings for all total metals and TSS were significantly higher in the industrial area compared to the residential and airside areas, which had statistically similar mean metal loadings. The signature ratios of specific heavy metals (As, Cr, Mn, Ni, Pb, Sr and Zn) to Cu were relatively homogeneous between the three land-use areas, indicating that the pollutants originate from a similar source and that surrounding land-use was not as an important factor in determining atmospheric pollutant loadings to stormwater runoff as previously thought.
Introduction
Elements are emitted into the atmosphere from different natural or anthropogenic activities and can be returned to the earth's surface as atmospheric deposition (Hendry and Brezonik 1980) . Atmospheric deposition occurs in two ways: dry or wet deposition. Dry deposition is the direct settling of particles and gases onto land or water surfaces. Wet deposition occurs when pollutants leach from the atmosphere with water droplets in the form of rain, fog, mist, dew, snow and frost (Göbel et al. 2007 ). Wet deposition can include both particulate and dissolved matter; their phase primarily based on the emitted form, the pH of the water droplets and the solubility of the element (Conko et al. 2004 ). Dry deposition is more affected by its source characteristics than wet deposition, as particles scavenged by wet deposition are smaller and have a greater capability to travel farther (Gunawardena et al. 2013) .
Dry deposition is driven by the atmospheric concentration of the depositing species, the species' chemical and physical properties, atmospheric motion (i.e. turbulence and wind) and the capability of the surface to entrap the depositing species (Davidson and Wu 1990; Erisman and Draaijers 2003) . In particular, wind speed and particle size are the dominant controls for dry deposition (Noll et al. 1988 ). Higher wind speeds and turbulence increases the efficiency of the particle to be transported to the receptors' surface (Erisman and Draaijers 2003) . The effects of wind speed and turbulence on dry deposition velocities, v d , have been previously described by the following equation (Seinfeld and Pandis 2006) :
Where r a is the aerodynamic resistance connected with turbulent transfer of pollutants across the boundary layer; r b is the quasi-laminar resistance associated with the transfer of pollutants across the near surface layer; v s is the particle settling velocity. Atmospheric motion, namely, wind speed and turbulence, affect r a and r b in air; generally, there is a decrease in r a + r b when wind speed increases (Seinfeld and Pandis 2006) . Therefore, the atmospheric deposition rate (or dry deposition velocities, v d ) increases when wind speed, and thus turbulence, increases.
Topography is another important factor affecting dry deposition as it influences many aerodynamic parameters (e.g. air velocity, wind direction and turbulence) (Goossens 1988) . At the start of a windward slope (on a hillside), the deposition rate begins to increase from the baseline (flat terrain) conditions due to an increase in wind speed. Deposition then reaches a maximum at the point where the slope changes from concave to convex (inflection line) before decreasing as the atmospheric turbulence intensity decreases over the convex surface (Goossens 1988 (Goossens , 1996 . Deposition is significantly reduced from the baseline condition all over the leeward face of a slope as the air flow (and subsequently dust) blows over the hill, thus avoiding the leeward slope (Goossens 1988 (Goossens , 1996 . Parker and Kinnersley (2004) found deposition increased by a factor of 0.9-1.7 when on the windward side of a slope in comparison to its flat counterpart.
Pollutant properties (e.g. particle density, particle diameter) control the pollutant's affinity to be transported through the atmosphere via Brownian diffusion, eddy diffusion and gravity settling (Sehmel 1980a) . Surface properties influence a particle's ability to be entrapped by the surface (as detailed in Sehmel (1980a) ).
Atmospheric deposition can be a substantial source of metals to waterways, especially in areas where large amounts of metals are released into the atmosphere through urban activity (Sabin et al. 2005 (Sabin et al. , 2006 Fang et al. 2007; Hu and Balasubramanian 2003) . Sources of atmospheric metals include traffic fuel combustion, industry, construction sites, heating, waste incineration and agriculture (Fang et al. 2007; Lamprea and Ruban 2011) ; natural sources include volcanoes, sea salt spray, forest fires and soil erosion (Lamprea and Ruban 2011) . In particular, vehicular emissions, road dust resuspension and industrial emissions are the major contributors of atmospheric metals (Shah et al. 2006; Manoli et al. 2002) . Although high-temperature industrial processes (e.g. coal and oil combustion, waste incineration, cement production, non-ferrous metal, iron and steel production) are reported as important contributors of atmospheric metals in Europe and the USA, New Zealand has a limited number of these industrial processes, and therefore, they are unlikely to contribute significantly to the atmospheric metal flux (Gray et al. 2003) . Roof materials are considered a major direct source of heavy metals (especially Cu and Zn) in urban runoff; however, roof corrosion is unlikely to be an important source of atmospheric metals. Metal roof abrasion products are incorporated into runoff directly during a rain eventthe dissolution and transport of the metals are related to factors such as rainfall intensity, pH and others (Wicke et al. 2014) . Corrosion products from metal roofs are unlikely to be major sources of atmospheric metals because the corrosion process is relatively slow and the thin corrosion layer that builds over time remains cohesive, albeit often porous, until rainfall and runoff act to dissolve it into stormwater.
Airborne metal particulates deposit onto impervious surfaces during antecedent dry days and are subsequently transported to waterways as urban runoff following precipitation events (Burian et al. 2001) . For the semiarid catchment of Los Angeles, USA, atmospheric deposition can potentially account for between 57 and 100 % of the metal loadings in stormwater signatures (Sabin et al. 2005) . Davis and Birch (2011) found that atmospheric deposition contributed to 33, 12 and 5 % of Zn, Cu and Pb in runoff (calculated based on respective event mean concentrations) from an urban catchment in Sydney, Australia. In Tsukuba, Japan, the average concentrations of Cu and Zn in bulk precipitation were 2.5 and 18 μg/l, respectively (Hou et al. 2005) . Wicke et al. (2012) determined the maximum atmospherically derived metal concentrations in stormwater runoff from different pavement types were 982 μg/l for Zn, 73.5 μg/l for Cu (coarse asphalt) and 11.3 μg/l for Pb (concrete).
Despite these studies, there remains a dearth of knowledge regarding the significance of land-use area on atmospheric deposition in urban stormwater pollution. The objective of this research was thus to identify how different land-use activities (industrial, residential and airside) in Christchurch, New Zealand, influenced airborne pollutants in stormwater. Industrial and residential areas were chosen because previous international research indicated that industrial activity would produce higher stormwater pollutant loads than residential activity (Sartor et al. 1974) . Airside was chosen as a study site because the influence of airport activity on atmospherically derived pollutants in stormwater runoff had not been previously investigated, Christchurch airport is a prominent land-use near the city, and airport activities in general are considered to be a significant source of pollutants to the environment (Onasch et al. 2009 ). Unfortunately, due to much of the Christchurch City Centre being damaged after the Christchurch 2011 earthquake, a distinct commercial land-use area, with no demolition/construction work occurring nearby, was not available, and therefore, this type of land-use was not studied. The methodology employed in this research enabled the long-term trends of atmospheric deposition in stormwater to be examined in the different land-use areas simultaneously over a long period (approximately 1 year), covering a wide range of meteorological regimes.
Materials and Methods

Research Sites
Three study sites (industrial, residential and airside) were selected to assess the spatial distribution of airborne pollutants in stormwater in Christchurch, the third most populous city in New Zealand (land area ≈ 1,500 km 2 ; population≈341,500) and the largest city in the South Island (Fig. 1) . Christchurch is located on the coastal edge of the Canterbury Plains, east of the Southern Alps. A remnant volcano (Banks Peninsula) lies to the northwest of Christchurch. The climate of Christchurch is associated with long antecedent dry periods and low rainfall, northeasterly winds prevail for much of the year; however, southwesterlies are common in winter. Christchurch is prone to smog events that typically occur during cold calm nights when the emissions from the domestic heating are high and the atmosphere is stable (Kossmann and Sturman 2004) . This winter air pollution problem is a principal result of the strong near-surface temperature inversions during anticyclonic synoptic conditions (Sturman et al. 2011) . The industrial (Ind) land-use area comprised of light industry; in the immediate vicinity, there was a holding yard for shipping containers, a liquid petroleum gas depot, retail premises and warehouses. The residential (Res) land-use area has approximately 2,046 dwellings (typically detached dwellings) within a radius of 1 km, and a housing density of approximately 651.6 dwellings/km 2 . The airside site (Air) was within Christchurch International Airport, which is the second largest airport in New Zealand, servicing approximately 5,500 airplane movements per month (international and domestic). The airport has two runways: the main runway (northeast to southwest) operates on a 24-h basis and is capable of handling Code E size aircrafts (e.g. Boeing 777). The secondary runway (northwest to southeast) is predominately used in a northwesterly wind, which occurs mainly in spring (southern hemisphere) when much of the northwest conditions occur; the use of this runway is limited to aircraft of Code D and smaller (e.g. Boeing B767). The airside and residential areas had similar topography-flat land with no nearby hills or mountains surrounding the sites. The industrial site was located next to a hill range (Port Hills) with two spurs on either side of the site (Fig. 1 ).
Experimental Setup
Twelve impermeable concrete boards (four replicates for each site sitting adjacent to each other) were constructed to simulate atmospheric pollutant build-up and wash off from a typical urban surface. The boards were situated on a grassland area and were elevated 450 mm from the ground. The boards at the Air site were positioned 680 m from the main runway and 30 m from an internal access road; the boards at the Res site were located 40 m from the nearest main road; at the Ind site, the boards were positioned 18 m from a road. There were neighbouring buildings surrounding the Res and Ind sites; however, this was unavoidable because these areas are densely populated and obtaining a secure testing area with no surrounding structures was unattainable. Cross contamination from roof splash did not occur as the boards were placed at a sufficient distance away from the buildings. It is known that buildings (and other obstacles) promotes turbulence and, hence, will promote deposition (Cole and Paterson 2004 ) that may potentially impact deposition at the Res and Ind sites; however, this effect was minimised by placing the boards in relatively open grass areas. In addition, pavements are typically surrounded by structures in these areas; therefore, the sampling sites were representative of the surrounding area.
A collection area ( Fig. 2) , where runoff was solely collected from, was incorporated into the board design to account for any potential pollutant loss due to splash and spray. By including a collection area (400 mm×718 mm) into the board design, it was determined from preliminary splash and spray experiments that the splash/spray leaving the testing area equaled the splash/spray entering it from the remainder of the board. This testing area was then defined using a strip of room temperature vulcanising (RTV) silicone. The height of the RTV strip was chosen to minimise any disruption to the wind flow over the board, while ensuring no loss of runoff from the testing area. Runoff from the defined testing area after rain events was captured by a collection funnel (polycarbonate) and a 20-l high-density polyethylene (HDPE) collection chamber. Runoff samples were collected for analysis within 24 h of the rain event. 
Sampling Collection and Analysis
Twenty-four separate rain events (events that occurred in each land-use area) were collected from February to December 2013; Table 1 details the number of events collected within different rainfall parameter ranges (antecedent dry days, rain depth and peak rain intensity). All stormwater samples were homogenised at the research site prior to subsampling into headspace-free HDPE sampling bottles. All samples were stored at 4°C and transported to the laboratory for analysis. The collection chambers were rinsed twice with deionised water to remove any residual particles before being reconnected to the collection funnel. Any residual pollutants remaining on the board, with the potential to be mobilised after a rain event, were removed by wet brushing and washing with deionised water. All sample bottles and apparatus were soaked in 10 % HNO 3 acid for 7 days, rinsed with Millipore deionised water and air-dried before use. TSS was measured within 48 h in accordance to SM2540-D (APHA 2005). Since turbidity is caused by suspended solids, turbidity was used as a surrogate for TSS when the runoff volumes were too low for analyses (<1.2 l). Turbidity was measured using the Hach model 2100P turbidity meter, which was calibrated with formazin gel standards (20, 100 and 800 NTU) in accordance with their instruction manuals. A regression equation for the relationship between turbidity and TSS was developed for each site to estimate TSS concentration in these instances (R 2 =0.815, 0.732 and 0.857 for Ind, Res and Air, respectively). Total recoverable metal (Cu, Pb, Zn) samples were initially preserved with concentrated HNO 3 (70 % Fisher, trace analysis grade) to a pH <2.0 (APHA 2005). Total recoverable metals were digested using the method detailed in Wicke et al. (2012) and Good et al. (2012) . All heavy metals were analysed by inductively coupled plasma mass spectrometry (ICP-MS) (Agilent) according to SM3125-B (APHA 2005) . The QA/QC systems were in place for both the field and laboratory sampling; this involved the use of adequate duplicates (at least 10 % of samples), blanks, spikes and standards. All instruments were calibrated and maintained according to the manufacturer's manual.
Weather Data Collection
Rainfall data for Res was collected from a weather station located approximately 0.45 km (111.47°head-ing) from the field site. Wind data was obtained from the National Institute of Water and Atmospheric Research weather station on Kyle St, Riccarton (1.77 km, southeast from the sampling site). Rainfall data for the Air and Ind sites were collected from a Davis tipping bucket rain gauge (Davis 2009 ) adjacent to the experimental setups. The Davis tipping bucket was calibrated to 0.2 mm per tip, as stated in the manufactures guidelines. Wind speed and direction for Air was obtained from a wind sensor (WindLog) deployed next to the experimental setup. The sensor was set to measure wind speed and direction over 10-min intervals, with an accuracy of speed ±2 % and direction ±22.5°. Wind data for Ind was acquired from the Environment Canterbury air monitoring station on King Edward Tce, Woolston (1.44 km, northwest from the sampling site). Some minor variations in wind patterns may exist between the Ind and Res sampling sites and their respective wind sensor due to the distance between them; however, obtaining wind data from these wind sensors was preferred over an on-site wind sensor due to their higher resolution.
Statistical Analysis
Statistics were conducted using the IBM SPSS Statistics 20 package. A multivariate analysis of variance (MANOVA) test was performed to ascertain whether statistical differences existed in the mean total Cu, Zn, Pb and TSS loadings between different land-use areas on the same sampling date. Differences between landuse areas were analysed by post hoc Gabriel analysis for its superior capabilities at handling unequal sample sizes (Field 2013) . All dependent variables were transformed (natural log) to comply with the normal distribution criterion. Homogeneity of variance was confirmed using the Levene's test (Field 2013) . Any significant outliers were removed from the data set to avoid bias (Field 2013) . Where the MANOVA test failed the homogeneity of variance assumption, a permutation MANOVA test was conducted using the R 3.0.2 package, followed by multiple ANOVAs (Gabriel adjusted). Principle component analysis (PCA) was used to define the variation in pollutant loadings for each land-use area. The number of components extracted was established by the Kaiser's criterion (Kaiser 1960) . The Kaiser-Meyer-Olkin measure of sampling adequacy (KMO>0.5) was validated prior to conducting the PCA test (Kaiser 1974) .
Results and Discussion
Spatial Pattern of Airborne Pollutants in Stormwater Runoff
The variance between total Cu, Pb, Zn and TSS within each land-use area could be explained by one principal component, suggesting that within each land-use area the pollutant loadings originated from a single source. (Fig. 3) , exemplified by similar patterns of increasing and decreasing pollutant loads over time, with Ind consistently higher than the other land-use areas. The similar temporal trends suggest that atmospherically deposited pollutants had a homogenous distribution within the wider Christchurch airshed. Wilson et al. (2006) , however, conducted a study into wintertime PM 10 concentrations in Christchurch and found conflicting data with no uniform distributions at an intra-urban (within city) scale. Furthermore, Kossmann and Sturman (2004) ) found higher wintertime concentrations of carbon monoxide (CO) and PM 10 in the residential area of Coles Place (approximately 3.8 km from the Res research site), compared to the industrial area of Woolston (approximately 1.4 km from the industrial research site). The lower concentrations of PM 10 and CO in the industrial area were associated with the cold air drainage (katabatic wind) from an adjacent hill range (Port Hills) that convey relatively clean air inland from the coast. These studies, however, measured snapshots of fine pollutant particles in the atmosphere and not of particles being deposited on surfaces between rainfall events. The homogenous distribution of metal and TSS loadings within the Christchurch airshed (found in this study) may be due to these pollutants being associated with different particles size ranges.
Atmospheric pollutant ratios (as used by Rahn (1981) ) were generated for all land-use sites throughout the monitoring period to ascertain if pollutants likely originated from the same atmospheric source (Table 2) . Cu was used as the common divider between each metal studied because its mean loading was midway between the highest (Zn) and lowest (Sb) mean pollutant loadings. The mean ratios of Zn to Cu (4.89-5.58) were statistically similar between all three land-use areas, along with As/Cu (0.21-0.24) and Sb/Cu (0.03). Res and Air had a statistically similar mean for Pb. Conversely, Cr-and Mn-to-Cu ratios were statistically different between Res and Air, but similar between Air and Ind. Ni was the only element studied for which Res and Ind was statistically similar, but this did not hold for Air. The ratios (Zn, Pb, As and Sb) were relatively homogeneous between the three land-use areas. This suggests that the pollutants originate from a similar source(s). Furthermore, it can be deduced that land-use area was not a primary factor for influencing pollutant loadings in stormwater runoff because the trends and the elemental ratios to Cu were similar between the three research sites. In addition, pollutants originating from one land-use area were unlikely to be transported downwind to the other sites except during an extreme northwest wind, which do not frequently occur (Fig. 4) . Wicke et al. (2012) conducted a preceding study on atmospheric pollutant contribution to stormwater runoff in a car park at the University of Canterbury, Christchurch. They found similar airborne metal ratios in two locations of the car park (Zn to Cu=6.25(mean)± 0.53(SE); Pb to Cu=0.405(mean)±0.004(SE)) and suggested that this was due to pollutants originating from roads surrounding the testing sites. The experiments of Wicke et al. (2012) were conducted in 2009/2010 prior to the 2011 major Christchurch earthquakes, which resulted in most of the central business district (CBD) being demolished, eliminating the demolition of the CBD as a pollution source for metals in this study. Furthermore, the similar elemental ratios between both studies suggest that airborne metal deposition has not varied temporally in the Christchurch airshed in the intervening years.
Dry Deposition Rate
Meteorological and geometrical (including topographical) characteristics are determining factors in influencing pollutant deposition. Topography and wind characteristics were thus monitored for each of the experimental sites. The Ind site consistently had higher pollutant loadings compared to the Res and Air sites; this was attributed to Ind having a different topography to the other sites. Ind was located at the base of a hill range (height approximately 400 m) during a northerly and easterly wind, with the Ind experiment on the windward side of a slope where the dry deposition rate increased, unlike the other receptor sites (Air and Res) which were on a flat terrain. In addition, some variation in deposition rates would have occurred at the Ind and Res testing sites due to the street canyon effect. The street canyon effect can alter the microclimate (i.e. wind vortices, local pressure and ventilation), which can result in varying atmospheric pollution concentrations (Vardoulakis et al. 2003) . As Res and Ind had buildings nearby unlike Air, it is possible that the dry deposition rate varied between the sites. However, the street canyon effect was Fig. 3 Airborne pollutant loadings in stormwater runoff from 24 different dates when rainfall occurred in all three receptor sites-the rainfall characteristics of each date will slightly differ between land-use areas due to localised rainfall patterns within each the catchment Wind speed is an important controller of dry deposition, i.e. deposition decreases when wind speed decreases (Noll et al. 1988 ). Each receptor site had similar wind speed distributions (Fig. 5) ; the wind speed range 2.1-3.6 m/s had the highest frequency of occurrence at all sites, suggesting that wind speed patterns were not responsible for differences in pollutant deposition rates observed between sites. Wind speed can also influence the resuspension of particles from a surface following their deposition, although it is not as effective as mechanical stresses at resuspending materials (Sehmel 1980b) . Increased resuspension is associated with an increase in wind speed with a large increase in the resuspension rate observed when wind speed exceeds 5 m/s for large particles (>22.1 μm) (Nicholson 1993) . Wind speeds exceeding 5.7 m/s had a low frequency of occurrence in this study (5.3, 3.9 and 3.2 % for Air, Ind and Res, respectively); therefore, resuspension was unlikely to account for the different deposition loadings in this study.
Potential Sources of Atmospheric Metals
Vehicular Activity
The similar pollutant ratios for each land-use area suggested that metal pollutants had the same origin. Davis and Birch (2011) found a consistent composition of metals from vehicular activity of 1:0.42:5.36 (Cu:Pb:Zn). Additionally, Moores et al. (2009) found similar ratios of total Cu to total Zn (4-5:1) in road runoff in two out of three sample sites (the difference in other site was associated with either different traffic behaviour or particulate filtering). This contribution ratio was very similar to the ratios found in this study ( Table 1 ), suggesting that vehicular activity was the dominant source of atmospherically deposited pollutants. Other studies have discussed the importance of vehicular activity to pollution loadings (Chu-Fang et al. 2005; Conko et al. 2004; Hjortenkrans et al. 2007; Sternbeck et al. 2002) . Particulates from vehicular wear and tear immediately become airborne which then undergo settling and dispersal processes (Bullin and Moe 1982) . However, simply associating the pollutants origin to vehicular activity, in this instance, was questionable. Firstly, the Ind and Air sites were assumed to have a greater influence on the airborne metal concentrations, and hence deposition, than vehicular activity because of greater source emissions within their catchments (Huston et al. 2009; Motelay-Massei et al. 2005; Ray et al. 2012; Sartor et al. 1974) . For example, Pb is commonly added to aviation fuel to inhibit valve seat recession (a major safety concern) and boost the octane number (US 2008); therefore, higher concentrations of Pb from the airside site were expected. Secondly, the roads surrounding the receptor sites did not have similar characteristics, they had different speed limits (50 to 100 km/h), different braking situations (ranging from no required braking to slight/moderate deceleration), varying traffic densities and different vehicle types (trucks, cars) predominantly using the roads. As road characteristics are known to strongly influence pollutant build-up in New Zealand, and elsewhere (Kennedy and Gadd 2003) , varying pollutant loading trends were expected. In particular, the main vehicle type on the road neighbouring Ind was trucks-car activity was typically limited to commuting times. As tyres have different weighted average for ZnO in the thread (the part exposed to wear) for a car (1.2 %) and a truck (2.1 %), it would have been assumed that the Zn loadings from Fig. 4 Wind rose plots for each experimental site along a 120°transit line, where the x-axis represents the frequency (%) of occurrence trucks would be higher than cars (Smolders and Degryse 2002) . Similarly, Garg et al. (2000) found that the airborne Cu emitted from brake pads ranged from 5.1 to 14.01 mg/mi for small cars to large pickup trucks, respectively. Therefore, with varying quantities of Zn and Cu being released into the atmosphere from trucks and cars, different ratios of Zn to Cu were expected in Ind; however, this was not observed in the Zn-to-Cu ratio. Furthermore, higher PM 10 emissions were detected in Auckland, New Zealand, from heavy vehicles compared to light duty vehicles (Davy et al. 2011) . The similar pollution loadings observed between Air and Res did not conform to previous findings of pollutant fluxes rapidly decreasing with distance from a road, reaching background levels after 5-40 m (Pagotto et al. 2001; Harrison and Johnston 1985; Sutherland and Tolosa 2001) . Air and Res had statistically similar mean pollutant loadings; however, the distances to their nearest roads were different. The airside site was 680 m from the point where airplanes touchdown on the runway, 30 m from the airside access roads and 360 m from the nearest public road. The residential site was 40 m from the nearest road. Additionally, Moores et al. (2009) observed different vehicle emission factors from roads with differing traffic behaviours: total Cu varied from 0.095 to 0.047 mg/vehicle/km depending on whether the traffic was interrupted (e.g. intersections) or free flowing; similarly, total Zn varied from 0.62 to 0.28 mg/vehicle/km. As the Res site was located near a traffic light-controlled intersection, higher Cu and Zn loadings were expected in runoff in comparison to the Air site that had free moving traffic at the nearby road. Therefore, if vehicular activity was the source of metals, then Air should have lower metal loadings, which was not observed.
Pollution trends of increasing/decreasing loadings (per antecedent dry day) between the three receptor sites were remarkably similar throughout the year, as exemplified for Cu (Fig. 6) , providing further evidence that vehicular activity does not appear to be the dominant source of Cu, Pb and Zn. Since Cu and Pb are related to traffic congestion and Zn is related to traffic volume (Gunawardena et al. 2013) , varying trends would likely occur between the sites when traffic conditions differ. For example, the road usage neighbouring Res would be expected to change during certain periods (e.g. academic holidays (Dec-Feb) since the Res area incorporated a large university) without the other sites changing, yet this was not observed. Similarly, Tippayawong et al. (2006) also found no relationship between air pollution and vehicular activity in Chiang Mai, Thailand; particle number concentration did not vary with traffic pattern and volumes-this result was unexpected as there were over one million registered motorcycles in the city.
Other Sources
Christchurch is known to have an air quality pollution problem and much research has been conducted on smoke, PM, SO 2 and CO concentrations (Corsmeier et al. 2006; Scott and Sturman 2006; Spronken-Smith et al. 2002; Sturman 1985; Wilson et al. 2006) ; however, research on atmospheric heavy metal concentrations is lacking.
A potential source of metal pollutants conveyed in the atmosphere is from transboundary pollution, likely originating from Australia. Australia is reportedly the largest contributor of dust in the southern hemisphere (Marx et al. 2008) , which is greatest during the late summer and autumn seasons as more fine particulates are available for transport due to the abatement of river flows and lack of vegetation preventing Aeolian entrainment (Marx et al. 2005a ). The annual mean transport rate of Australian dust to New Zealand is 3.7-6.9 μg/m 3 (Marx et al. 2005a ). This dust scavenges atmospheric heavy metals, particularly Cu and Pb, as they traverse over the urban and/or industrial areas on Australia's eastern seaboard (Marx et al. 2005b (Marx et al. , 2008 . Marx et al. (2005b) found persistent elevated concentrations of atmospherically deposited Cu and Pb, among others, from the remote alpine regions of New Zealand, which was associated with long-travelled dust from Australia. Marx et al. (2008) determined that the annual variability of atmospheric metal concentrations in New Zealand associated with Australian dust was 0.29-0.56, 0.49-0.94 and 0.4-0.75 ng/m 3 for Pb, Zn and Cu, respectively. Although the majority of Australian dust will probably deposit on the West Coast of the South Island due to the orographic effects of the Southern Alps, it cannot be ruled out as a source of particulate matter and trace elements in the eastern side of New Zealand, including Christchurch (Marx et al. 2005b (Marx et al. , 2008 . Additionally, heavy metals carried in air masses independently of dust can significantly increase the Australia-to-New Zealand Graphs for total Zn and Pb were not included due to their significant correlation with Cu metal flux (Marx et al. 2008) . The long-range transport of metals from Australia to New Zealand may be playing a vital role in the atmospheric chemistry and the bio-geochemistry of New Zealand (Marx et al. 2005a) . Other potential pollutant sources could include aged aerosols and domestic heating (Scott 2005) , although, these were not investigated as part of this research.
Conclusion
This study found that irrespective of land-use area, similar pollutant trends were measured in atmospheric deposition throughout a year of monitoring. Although an Ind site was consistently higher than the other landuse areas, this was attributed to its local topography at the base of hills rather than land-use activity. Wind speed or potential pollutant resuspension did not appear to greatly influence pollutant dry deposition rates since all land-use areas had similar wind speed characteristics as well as similar temporal pollutant trends. Ratios of different heavy metals to Cu were relatively homogeneous between areas, suggesting that pollutants originate from a similar source(s). Although a metal composition ratio indicated that vehicular activity could be the dominant source of atmospherically deposited pollutants, roads surrounding the sites experienced different traffic behaviour but their pollutant trends remained similar. It is possible that a potential source of metals in the atmosphere comes from transboundary pollution originating in Australia, which is known to be a persistent source of atmospheric Cu and Pb to the remote alpine regions of New Zealand. Given the inherent complexities of meteorological influences and pollutant dynamics in any land-use area, it is difficult to definitively state the origin of atmospheric pollutants, although this study has helped address the poorly understood phenomenon in the context of stormwater pollutant loadings. Implications of this study could help stormwater managers in optimising pollutant reduction (i.e. source control) strategies within their catchments in addition to managing the treatment of stormwater runoff.
